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Abstract

Rising temperatures and nutrient enrichment are co-occurring global-change drivers

that stimulate microbial respiration of detrital carbon, but nutrient effects on the

temperature dependence of respiration in aquatic ecosystems remain uncertain. We

measured respiration rates associated with leaf litter, wood, and fine benthic organic

matter (FBOM) across seasonal temperature gradients before (PRE) and after (ENR1,

ENR2) experimental nutrient (nitrogen [N] and phosphorus [P]) additions to five for-

est streams. Nitrogen and phosphorus were added at different N:P ratios using

increasing concentrations of N (~80–650 lg/L) and corresponding decreasing con-

centrations of P (~90–11 lg/L). We assessed the temperature dependence, and

microbial (i.e., fungal) drivers of detrital mass-specific respiration rates using the

metabolic theory of ecology, before vs. after nutrient enrichment, and across N and

P concentrations. Detrital mass-specific respiration rates increased with tempera-

ture, exhibiting comparable activation energies (E, electronvolts [eV]) for all sub-

strates (FBOM E = 0.43 [95% CI = 0.18–0.69] eV, leaf litter E = 0.30 [95%

CI = 0.072–0.54] eV, wood E = 0.41 [95% CI = 0.18–0.64] eV) close to predicted

MTE values. There was evidence that temperature-driven increased respiration

occurred via increased fungal biomass (wood) or increased fungal biomass-specific

respiration (leaf litter). Respiration rates increased under nutrient-enriched condi-

tions on leaves (1.329) and wood (1.389), but not FBOM. Respiration rates

responded weakly to gradients in N or P concentrations, except for positive effects

of P on wood respiration. The temperature dependence of respiration was compara-

ble among years and across N or P concentration for all substrates. Responses of

leaf litter and wood respiration to temperature and the combined effects of N and

P were similar in magnitude. Our data suggest that the temperature dependence of

stream microbial respiration is unchanged by nutrient enrichment, and that

increased temperature and N + P availability have additive and comparable effects

on microbial respiration rates.
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1 | INTRODUCTION

Temperature and nutrient availability are two key drivers of energy

and material processing in ecosystems, and both are increasing

worldwide (IPCC, 2013; Pe~nuelas, Sardans, Rivas-Ubach, & Janssens,

2012). In aquatic ecosystems, water temperatures are predicted to

track rising air temperatures driven by climate change, in addition to

the effects of modified thermal regimes resulting from changes in

land use, such as urbanization and deforestation (Ferreira, Gulis, Pas-

coal, & Grac�a, 2014; Kaushal et al., 2010). Along with higher temper-

atures, nutrient availability in aquatic ecosystems has increased as a

result of widespread anthropogenic nutrient inputs (Alexander &

Smith, 2006; Woodward et al., 2012). However, these two important

global-change drivers of ecosystem processes traditionally have been

studied separately, with much less emphasis given to their combined

effects. Thus, predicting how nutrients and temperature will interact

to affect ecosystem functions is both critical and largely unresolved

(Canhoto, Gonc�alves, & B€arlocher, 2016; Cross, Hood, Benstead,

Huryn, & Nelson, 2015).

Processing of terrestrial net primary production (NPP) in streams

and rivers is increasingly recognized as a significant component of

the global carbon (C) cycle, particularly in regard to the proportion

of NPP that evades as CO2 via respiration (Butman & Raymond,

2011; Cole et al., 2007; Hotchkiss et al., 2015). Processing of partic-

ulate organic matter such as leaf litter, wood, and fine particles

(hereafter detritus) is a predominant energy pathway in streams and

rivers, where fungal rather than bacterial decomposers control initial

processing and respiration of coarse detrital inputs (Findlay et al.,

2002; Gessner, Gulis, Kuehn, Chauvet, & Suberkropp, 2007; Suberk-

ropp, Gulis, Rosemond, & Benstead, 2010; Tant, Rosemond, & First,

2013). Higher temperatures are expected to increase rates of micro-

bial respiration in predictable ways, based on models that describe

how the rate of most cellular reactions increases exponentially with

temperature (metabolic theory of ecology [MTE], specifically the

Van’t Hoff–Arrhenius relationship; Brown, Gillooly, Allen, Savage, &

West, 2004; Gillooly, Brown, West, Savage, & Charnov, 2001; Yvon-

Durocher et al., 2012). Indeed, higher water temperatures in micro-

cosm studies stimulated fungal biomass accrual and respiration rates

on leaf litter (Ferreira & Chauvet, 2011a). Likewise, elevated nutrient

availability also increased respiration of detritus in streams by stimu-

lating microbial biomass accrual and activity (Gulis & Suberkropp,

2003; Suberkropp et al., 2010; Tant et al., 2013). However, respira-

tion rates could increase more than would be predicted by either dri-

ver alone, because the combined effects of nutrients and

temperature may be synergistic (Ferreira & Chauvet, 2011b). Thus,

increased processing and loss rates of detrital C via respiration could

occur when streams are warmer due to climate change, and when

nutrients are elevated from anthropogenic sources, thereby altering

the role of streams and rivers in global C budgets (Aufdenkampe

et al., 2011).

Our objective was to test for changes in the temperature depen-

dence of microbial respiration rates associated with different detritus

types under ambient and nutrient-enriched conditions. We

quantified the average changes in respiration rates with temperature

(i.e., the activation energy of stream microbial respiration: E, eV)

before and after an experimental nutrient concentration gradient

was applied to five streams for three detritus types: fine benthic

organic matter (FBOM, settled particles <1-mm; Wallace, Hutchens,

& Grubaugh, 2006), leaf litter, and wood. We predicted that nutrient

enrichment would stimulate microbial biomass accrual and respira-

tory activity associated with decomposing detritus, with relatively

greater increases for coarse particulate organic matter (CPOM, i.e.,

leaf litter and wood) than FBOM owing to lower initial nutrient con-

tent of CPOM (Stelzer, Heffernan, & Likens, 2003; Tant et al., 2013).

Similarly, we predicted that the temperature dependence of respira-

tion would be greater for relatively recalcitrant, nutrient-poor detri-

tus (e.g., wood vs. leaves), given higher temperature sensitivity for

enzymes that degrade complex C compounds such as lignin (Canhoto

et al., 2016; Fernandes et al., 2012; Sinsabaugh & Follstad Shah,

2012). Finally, we hypothesized that the effects of nutrient availabil-

ity would be dependent on temperature, with stronger, positive

effects of nutrients at higher temperatures, because microbial (e.g.,

fungal) biomass and activity can reach saturation at lower nutrient

concentrations when temperatures are elevated (Fernandes, Seena,

Pascoal, & C�assio, 2014; Ferreira & Chauvet, 2011b). We tested

these predictions at the ecosystem scale using multiyear experimen-

tal nutrient (nitrogen [N] and phosphorus [P]) additions to five forest

streams. Since elevated nutrients and temperature have the potential

to stimulate both microbial biomass accrual (and hence concentration

per unit of detrital mass) and respiratory activity per unit of micro-

bial biomass, we measured respiration rates and fungal biomass asso-

ciated with decomposing CPOM (leaf litter and wood) and microbial

respiration on FBOM (which is dominated by bacteria, Findlay et al.,

2002). We quantified changes in respiration rates relative to pre-

treatment conditions during 2 years of nutrient enrichment across

seasons, and then compared the strength of these effects across our

nutrient concentration and seasonal temperature gradients. We mod-

eled the temperature dependence of stream microbial respiration

using the Van’t Hoff–Arrhenius relationship and then tested for dif-

ferences in activation energy of respiration (i.e., the magnitude of

change in activity with temperature) across experimental N and P

concentration gradients for each detrital substrate.

2 | MATERIALS AND METHODS

2.1 | Site description

Our study was conducted in five first-order streams at the Coweeta

Hydrologic Laboratory (CHL), a USDA Forest Service site in Macon

Co., North Carolina, USA. The CHL basin is characterized by mature

hardwood forest and drained by a network of low-order streams

that are heavily shaded year-round by Rhododendron maximum.

Detailed descriptions of the study site can be found in Swank and

Crossley (1988).

We identified five unnamed first-order stream reaches in the

Dryman Fork subbasin at CHL (35°03035″N, 83°25048″W) for the
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nutrient-addition experiment. All five 70-m reaches had similar

chemical and physical characteristics, including low ambient nutrient

concentrations (<0.2 mg/L dissolved inorganic nitrogen [DIN] and

<0.005 mg/L soluble reactive phosphorus [SRP], Table S1). Detailed

methods for nutrient additions can be found in Rosemond et al.

(2015) and Manning et al. (2015) and are presented here in brief.

Concentrated nutrient solutions (NH4NO3 and H3PO4) were added

to the five streams using solar-powered metering pumps (LMI Milton

Roy, PA, USA) that delivered the nutrients to stream-fed irrigation

lines continuously for 2 years (ENR1, ENR2) following a year of pre-

treatment data collection (PRE). Nutrients were delivered to the irri-

gation lines proportional to continuously measured discharge using

pressure transducers (Keller America, VA, USA) and CR800 datalog-

gers (Campbell Scientific, UT, USA) as a defined volume of concen-

trated stock solution per 100 L discharge that flowed past the most

upstream injection point. Treatment concentrations were targeted to

reflect low-to-moderately elevated N and P concentrations that are

common in the region (Scott, Helfman, McTammany, Benfield, & Bol-

stad, 2002). Streams received relatively more N or P in a design of

target molar N:P ratios of 2:1, 8:1, 16:1, 32:1, and 128:1 and encom-

passed a range of DIN (~80–650 lg/L) and corresponding decreasing

concentrations of SRP (~90–11 lg/L range) across the five streams.

Such opposing concentration gradients that skew N:P ratios have

been observed in streams in the continental United States (Dodds &

Smith, 2016) and can potentially occur in watersheds with differing

land use (e.g., urban = low N:P vs. agricultural = high N:P; Alexander

et al., 2008; Arbuckle & Downing, 2001). For streamwater concen-

trations of N and P in our analysis (see Methods: Statistical analyses),

we used known amounts of N and P added to the stream (based on

recorded volumes and concentrations of stock solution added to

each stream and discharge, plus background concentrations) rather

than measured concentrations, which were affected by concentra-

tion-dependent uptake rates (A. D. Rosemond, unpublished data; see

also Manning et al., 2015; Rosemond et al., 2015). We refer to these

as “added concentrations” hereafter, and these concentrations were

comparable to measured concentrations in the stream (Rosemond

et al., 2015). Streamwater nutrient concentrations were measured

biweekly ~10 m upstream of the nutrient additions and in three dis-

tributed areas downstream of the nutrient addition in the 70-m

treatment reach. Streamwater temperatures were monitored contin-

uously using HOBO dataloggers (Onset Computer Corp., MA, USA)

submerged at the midpoint of each study reach.

2.2 | Detritus sampling

We collected three types of detritus for analysis on a quarterly basis

(July 2010–July 2013; typically around 1 July, 15 October, 1 January,

and 15 April for summer, autumn, winter, and spring, respectively)

for 1 year before nutrients were added (PRE) and during two con-

secutive years of nutrient enrichment (ENR1, ENR2). Leaf litter,

wood (small sticks <2 cm in diameter), and FBOM were collected

from randomly selected transects within four 17.5-m sections of

each 70-m treatment reach. We collected five submerged leaves

from each transect without regard to litter type that were fully intact

and amenable to cutting leaf disks; hence, most leaves were likely in

early or intermediate stages of decomposition. We used a similar

method for sampling wood, in which five submerged sticks were col-

lected and reduced in size with a pipe cutter as needed. We col-

lected and combined several surface-layer FBOM samples from

obvious depositional areas within the same transect as leaf litter and

wood. All samples were placed in individual plastic bags (Fisher-

brandTM sterile sampling bags with round-wire closures; Fisher Scien-

tific, CA, USA) with streamwater and transported to the laboratory

on ice until analyses were conducted (see below).

2.3 | Microbial respiration rates and detrital ash-
free dry mass

Microbial respiration rates associated with leaf litter, wood, and

FBOM were measured using methods outlined by Gulis and Suberk-

ropp (2003), Gulis, Rosemond, Suberkropp, Weyers, and Benstead

(2004), and Tant et al. (2013) within 24 hr after collection. We mea-

sured microbial respiration a total of 14 times over 3 years (3 sub-

strates 9 4 seasons 9 5 streams 9 4 transects 9 3 years = 720

respiration estimates, plus two additional sampling events immedi-

ately before the start of nutrient additions [July 2011] and in the

first month after nutrients were added [August 2011] for an addi-

tional 120 measurements [total n = 840]). Thus, seasonal sample

sizes were larger for summer vs. other seasons (summer n = 300, all

others n = 180) and for the first 2 years of the study (PRE n = 300,

ENR1 n = 300, and ENR2 n = 240). Microbial respiration rates were

determined as the rate of oxygen (O2) uptake associated with the

leaf litter, wood, or FBOM normalized per gram ash-free dry mass

(AFDM) of the sample (mg O2/g AFDM/h). We placed two 12-mm

diameter leaf disks from each of the five leaves in the sample into

30–50 ml of streamwater in glass respiration chambers in darkness.

Streamwater was specific to a given stream from which each detrital

sample was taken, so that detritus was incubated with ambient (PRE)

or nutrient-enriched (ENR1, ENR2) streamwater with corresponding

N and P concentrations. We then measured O2 concentrations and

temperature roughly every 5 min over a 30-min interval using YSI

5100 Dissolved Oxygen Meters (YSI Inc., OH, USA) or Orion Star

Plus Dissolved Oxygen Benchtop Meters (Thermo Scientific, MA,

USA) in a walk-in incubator set to stream temperatures measured at

the time of sample collection. Incubation temperatures were occa-

sionally slightly different than stream temperatures (e.g., to avoid

issues with water freezing in the chambers during winter [see

Table S2]). Respiration rates were estimated based on the slope of

the decline in dissolved O2 concentrations over time. Dissolved O2

was also measured in chambers containing streamwater only (from

each stream), and resulting slopes were used to correct for probe

drift during incubations. Microbial respiration rates associated with

five wood disks cut from the small sticks were measured in the same

way. Respiration rates of FBOM were measured using longer (~2 hr)

incubations of 100-ml subsamples of continuously agitated FBOM

and 50 ml streamwater to fill 150-ml glass bottles, and were
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computed using the difference in dissolved O2 before and after the

2-hr incubation period (Tant et al., 2013).

After respiration rates were measured on leaf litter and wood,

the samples were removed from the chambers, dried for 24 hr at

55°C, weighed to the nearest 0.001 g, combusted for 4.5 hr at

550°C, and reweighed to determine AFDM. We measured AFDM in

the same manner for freeze-dried FBOM samples.

2.4 | Fungal biomass

We measured fungal biomass associated with leaf litter and wood.

We did not measure fungal biomass associated with FBOM, due to

the much greater relative importance of bacteria on this substrate

(Findlay et al., 2002; Tant et al., 2013). We estimated fungal biomass

by quantifying ergosterol concentrations associated with the detritus

(Gulis & Suberkropp, 2006) and applying a standard conversion fac-

tor (5.5 lg of ergosterol per mg fungal dry mass; Gessner & Chau-

vet, 1993). Lipids were extracted from five leaf disks or five wood

disks (~1–2 mm thick) that were preserved in the field with methanol

and stored at 20°C. Ergosterol was quantified using HPLC (LC-10VP,

Shimadzu, MD, USA) equipped with a Kinetex reverse phase C18

column (Phenomenex, CA, USA), a UV detector set at 282 nm and

external ergosterol standards (Acros Organics, Geel, Belgium). Fur-

ther details about this method can be found in Gulis and Suberkropp

(2006).

2.5 | Statistical analyses

We used the linearized form of the Van’t Hoff–Arrhenius equa-

tion (Arrhenius, 1915; Perkins et al., 2012; Yvon-Durocher et al.,

2012) to estimate the temperature dependence of respiration associ-

ated with detritus:

lnRðTÞ ¼ E
1
kTc

� 1
kT

� �
þ ln½RðTcÞ�;

where R(T) is the respiration rate at absolute temperature T, E is the

activation energy, and k is the Boltzmann constant

(8.617 9 10�5 eV/K, 1 eV = 1 9 10�19 J). Temperature values in

our models were based on the temperature of the streamwater in

the respiration chambers, which were similar to streamwater temper-

atures at the time of sampling (see Table S2). We centered our data

using the approximate mean annual temperature for the study (Tc) in

the five streams by subtracting observed temperatures from the

reciprocal of absolute temperature at 10°C (i.e., 1/kTc), such that the

intercept of the linear equation describes the mean respiration rate

at this temperature. Temperature data were centered in this way to

facilitate comparing mean respiration rates among streams at a con-

sistent and biologically relevant temperature. The slope of this model

is considered the activation energy (E) of respiration for a given sub-

strate and year (Perkins et al., 2012; Yvon-Durocher et al., 2012).

Given the scale of our nutrient manipulations, true replication was

not feasible; therefore, we developed linear mixed-effects models

with maximum likelihood to account for spatial and temporal

nonindependence of our samples (Gelman & Hill, 2007). We used a

combination of likelihood-based metrics (e.g., Akaike’s information

criterion [AIC]), marginal, and conditional R2 (variance explained by

fixed or both fixed and random effects, respectively; Nakagawa &

Schielzeth, 2013) to assess model fits. The general form of our mod-

els was the linearized Van’t Hoff–Arrhenius equation described

above that also included random intercepts for sampling time

crossed with stream (i.e., 70 random intercepts for each stream/time

combination). As the first step in our analysis, we tested a model

with a categorical predictor for “year” (PRE vs. ENR1, ENR2) to eval-

uate the general effects of nutrient additions on microbial respiration

rates and fungal biomass. This set of models also included a categor-

ical predictor for each substrate (i.e., intercepts for FBOM, leaf litter,

and wood) and centered temperature (1/kTc � 1/kT), as well as

interactions among substrates, years, and temperature (i.e., multiple

linear regression/analysis of covariance [ANCOVA]). In this context,

contrasts between regression coefficients were defined with FBOM

as the baseline (this designation is arbitrary and arose because

FBOM is first alphabetically) for comparison to leaf litter or wood

coefficients, and the pretreatment year (PRE) was considered the

baseline for year-specific coefficient comparisons. We note that

sampling year in this model structure is confounded with the timing

of nutrient additions (also see Kominoski, Rosemond, Benstead,

Gulis, & Manning, 2017 for similar statistical approach). Hence, the

effects of our nutrient additions technically cannot be separated

from potential interannual differences in covarying natural drivers of

microbial respiration.

To discern the relative influence of N and P on respiration,

we tested another set of multiple regression models containing

continuous, stream/time-level predictors of N and P concentra-

tions. We used a combination of the mean measured [PRE] and

added [ENR1, ENR2] N or P concentration of all biweekly mea-

surements preceding a given sampling event to generate continu-

ous N and P concentration gradients to use in the models (see

Section 2.1). These continuous N and P models also contained

categorical predictors for substrate (FBOM, leaf litter, and wood;

as described for the first set of models above). Contrasts among

substrate-specific regression coefficients were also between FBOM

compared to leaf litter or wood coefficients. Continuous N and P

concentrations were centered and scaled in the models using their

means and standard deviations, respectively, to aid in the interpre-

tation of potential interactions with temperature, and to allow us

to compare the strength of their effects on respiration rates and

fungal biomass (Gelman & Hill, 2007). The coefficients associated

with these scaled parameters can be interpreted as the predicted

increase in the response variable for a 1-standard deviation (SD)

increase in N or P concentration. We then used this model struc-

ture to test for differences in E among substrates and for interac-

tions of temperature with scaled N and P concentrations. Because

N and P concentrations were centered at the mean and scaled,

interactions between N, P, and temperature can be interpreted as

the expected change in the slope E when N or P concentrations

are increased by 1 SD.

4 | MANNING ET AL.



We also compared a model with the interaction between N and P

concentrations to a model without an interaction (i.e., N 9 P vs.

N + P) using AIC, because our target N and P concentrations were

related in our experimental design. The models that included N + P

were better supported based on a lower AIC value (N 9 P model

AIC = 1,503 vs. N + P model AIC = 1,493). We did not include N:P

ratios in these models because N:P values spanned a similar range in

pretreatment compared to enriched conditions (PRE N:P ratios ~15–

138; Table S1). Instead, we used a separate model with N:P ratios that

included data from enriched conditions only (Table 2). We also used

the N:P ratio model as an additional line of evidence for N vs. P effects

on microbial respiration rates. We used separate models for leaf litter

and wood (fungal biomass was not measured on FBOM) when fungal

biomass and fungal biomass-specific respiration were response vari-

ables, because we were interested in their individual responses to

nutrient enrichment. Other assumptions of linear models, such as

homoscedastic variance, were generally met based on visual inspec-

tion of residuals vs. fitted values. We ln-transformed N and P concen-

trations before scaling to meet assumptions of normality. All analyses

were conducted using the statistical software R v. 3.3.0 (R Core Team,

2016). Linear mixed-effects models were run with the function “lmer”

in the package “lme4” (Bates, Maechler, Bolker, & Walker, 2015). The

package “lmerTest” was used to estimate significance probabilities for

each parameter in the linear mixed-model; “lmerTest” uses the Sat-

terthwaite approximation to assign degrees of freedom for specific t-

tests and comparisons of model coefficients (Kuznetsova, Brockhoff,

& Christensen, 2016). Significance probabilities <0.05 were considered

evidence of a significant effect, and values <0.1 were considered evi-

dence of a marginal effect.

3 | RESULTS

3.1 | Nutrient treatments and stream physical
attributes

Mean daily temperatures during the study (n = 1,099 days) encom-

passed an 18.7°C range (minimum temperature = 0.8°C, maxi-

mum = 19.5°C; Fig. S1). Temperature regimes in the five study streams

were similar across broad temporal scales (Fig. S1). For all possible com-

parisons of the five streams, the maximum observed difference in daily

mean temperature was 3.3°C (Stream 2:1 vs. Stream 8:1), and the med-

ian difference in daily mean temperature was 0.65°C (Fig. S1). Therefore,

daily temperature differences between any given stream were <0.7°C

for the majority of the study. Our study streams had relatively consistent

temperatures within each season; the largest differences in mean

monthly temperature among streams were found during summer (July;

range = 2.3°C; Table S2), and smallest differences were found in autumn

(October; range = 0.5°C; Table S2). Mean temperatures among streams

over the entire study period were unrelated to nutrient treatments,

although the highest and lowest mean temperatures were found in the

low N:P (2) and high N:P (128) treatment streams, respectively.

Median daily stream discharge across all streams and years was

~5 L/s; the median difference in discharge among all streams was

2.9 L/s. Highest median discharge (12.6 L/s) for the study was in

our highest N:P treatment stream, while lowest median discharge

(3.0 L/s) was in the lowest N:P treatment stream. Median discharge

increased across all streams by 1.489 and 1.579 in ENR1 and ENR2

compared to PRE, respectively. Discharge did not change uniformly

across streams from year to year and increased the most (~3.09 in

both years) in the highest N:P treatment, followed by the lowest N:P

treatment (~2.49 in both years). Discharge was more similar among

years in the three other streams. Since these ranges in discharge

were not predicted to affect respiration rates, discharge was not

included in our models; however, antecedent flow conditions may be

important in general for moving microbially colonized detritus to

downstream locations (Webster et al., 1999).

Added N and P concentrations generally reflected target concen-

trations during the study (Table S1; also see Manning et al., 2015;

Rosemond et al., 2015), and as a result, N and P concentrations dif-

fered among streams. Added nutrient concentrations in the streams

spanned a gradient of 82–517 lg/L DIN and 9.7–93 lg/L SRP

across the five streams and 2 years of nutrient additions (Table S1).

3.2 | Substrate-specific microbial respiration rates

Respiration rates normalized by AFDM were greatest for leaves and

lowest for wood, with rates from FBOM being intermediate; leaf lit-

ter and wood (not FBOM) respiration rates tended to be higher, on

average, under enriched conditions across all streams (Table 1;

Figures 1a–c, S2a–c). The categorical “year” model showed higher

intercepts in ENR1 and ENR2 for leaf litter and wood based on con-

trasts between year-specific coefficients (i.e., ANCOVA; Figure 1a–

c). These higher intercepts corresponded to 1.369 and 1.289 higher

respiration rates for leaf litter (ENR1, ENR2, respectively

[mean = 1.329]; Table 1), and 1.249 (marginally significant,

p = .059; Table 1) and 1.519 increases in respiration rates for wood

(ENR1, ENR2, respectively [mean = 1.389]; Table 1), when com-

pared at the same temperature (10°C) under nutrient-enriched con-

ditions.

Respiration rates on detritus showed a positive relationship with

temperature (i.e., 1/kTc � 1/kT; Figure 1a-c). Activation energies

were statistically indistinguishable among all three substrates in both

categorical year and continuous nutrient concentration models

(ANCOVA; i.e., no difference in slopes among substrates, all p > .05,

Tables 1 and 2; Figure 1a–c). We also found no evidence for differ-

ences in activation energies in ENR1 or ENR2 compared to PRE for

any substrate, based on year-specific contrasts (Table 1). The esti-

mated E from the categorical year model for FBOM was 0.43 eV,

and the 95% confidence interval for this activation energy included

the predicted E value of 0.62 eV based on metabolic reactions

within the cellular respiratory complex (FBOM 95% CI = 0.18–0.69;

Gillooly et al., 2001; Table 1). Leaf litter and wood activation ener-

gies were comparable to the estimate for FBOM (0.30 and 0.41 eV,

respectively), and the upper bounds of their 95% CIs were also close

to, or included, the MTE-predicted 0.62 eV activation energy value

(95% CI = 0.07–0.54 [leaf litter], 0.17–0.62 [wood], Table 1).
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Although there were no significant interactions between nutrient

enrichment (as year) and temperature, the slopes (E, eV) appeared to

be less steep in the second year of enrichment for all three sub-

strates (Figure 1a–c).

We were unable to detect strong responses in terms of detrital

mass-specific respiration rates as a function of N and P concentra-

tions or N:P ratio, but the effects of N vs. P differed depending on

the substrate (Table 2). Specifically, leaf litter and wood respiration

rates responded more to P concentrations relative to FBOM, based

on contrasts between substrate-specific P coefficients (p = .03 and

.003 for leaf litter and wood P effects compared to FBOM P effects,

respectively; Table 2). Activation energies (slopes) for all three sub-

strates were unchanged across N or P concentrations and were com-

parable to those from the categorical year model (Tables 1 and 2).

There was no effect of N:P ratio on the temperature dependence of

respiration rates for any substrate (Table 2).

3.3 | Fungal biomass-specific respiration rates

Fungal biomass-specific respiration rates (i.e., per g fungal biomass)

for leaf litter were positively related to temperature and had

activation energies that were higher than those observed for AFDM-

specific respiration rates (leaf litter fungal biomass-specific

E = 0.57 eV [95% CI = 0.05–1.10]; Figure 2a; Table S3). However,

unlike AFDM-specific respiration rates, nutrient enrichment generally

did not increase fungal biomass-specific respiration rates for leaf lit-

ter (Figure 2a; Table S3), when enrichment was considered either

categorically (Figure 2a; Table S3) or as continuous N or P

(Table S3).

Fungal biomass-specific respiration rates on wood were less sen-

sitive to temperature compared to those on leaf litter (Figure 2a,b).

For wood, activation energy was significantly higher in ENR1

(EENR1 = 0.52 [95% CI = 0.27–0.86]; p = .048; Figure 2b; Table S3),

and there was a significant interaction between temperature and P

concentrations (p = .024; Table S3), such that temperature sensitivity

of respiration was reduced at high P concentration.

3.4 | Fungal biomass and temperature

In assessing drivers of fungal biomass on leaf litter, we found no

effects of temperature (Figure 3a; Table S3), or nutrient enrichment

(when nutrients were considered on a categorical [Figure 3a;

TABLE 1 Fixed-effects parameter estimates, the difference among parameter estimates in ENR1 and ENR2 compared to PRE, and the
exponentiated difference between coefficients (e[ENRx-PRE] = predicted multiplicative increase in respiration rate for a given ENRx vs. PRE
comparison) from the categorical ‘year’ mixed-linear model for FBOM, leaf litter, and wood (Marginal-R2 = 0.60, conditional-R2 0.63)

Substrate Parameter Estimate
ENRx-
PRE

e(ENRx-

PRE) SE df t-value
p-
value

95% CI

Lower Upper

FBOM PRE �2.832 n.a. n.a. 0.078 327.7 �36.241 <.001 �2.985 �2.678

ENR1 �3.004 �0.173 0.841 0.114 313.5 �1.518 .130 �0.397 0.051

ENR2 �2.818 0.014 1.014 0.117 313.8 0.116 .907 �0.216 0.243

PRE 3 T 0.433 n.a. n.a. 0.131 337.5 3.319 .001 0.177 0.690

ENR1 9 T 0.657* 0.224 1.251 0.190 316.9 1.177 .240 �0.150 0.598

ENR2 9 T 0.239 �0.194 0.824 0.253 368.3 �0.766 .444 �0.695 0.303

Leaf

litter

PRE �2.221 n.a. n.a. 0.076 309.6 �29.214 <.001 �2.370 �2.071

ENR1 �1.915 0.305 1.357 0.116 334.2 2.625 .009 0.077 0.534

ENR2 �1.977 0.243 1.275 0.114 296.2 2.136 .033 0.020 0.468

PRE 3 T 0.304 n.a. n.a. 0.118 321.2 2.573 .011 0.072 0.537

ENR1 9 T 0.624* 0.320 1.377 0.191 322.9 1.671 .096 �0.057 0.695

ENR2 9 T 0.134 �0.170 0.843 0.243 292.6 �0.701 .484 �0.650 0.307

Wood PRE �4.052 n.a. n.a. 0.074 295.7 �55.059 <.001 �4.197 �3.907

ENR1 �3.837 0.215 1.240 0.113 310.9 1.894 .059 �0.008 0.438

ENR2 �3.643 0.409 1.505 0.114 301.5 3.599 <.001 0.186 0.632

PRE 3 T 0.411 n.a. n.a. 0.119 310.6 3.466 .001 0.177 0.644

ENR1 9 T 0.526* 0.115 1.122 0.193 321.9 0.598 .550 �0.263 0.494

ENR2 9 T 0.108 �0.303 0.739 0.238 297.4 �1.270 .205 �0.771 0.166

Parameters for YRx 9 temperature interactions (YRx 9 T) show the activation energy in a given year (Estimate), and the difference among coeffcients

in ENR vs. PRE conditions (ENRx – PRE). We report degrees of freedom (df; for t tests using Satterthwaite approximation), t-values, p-values, and 95%

confidence intervals (95% CI) for coefficients corresponding to PRE (i.e., intercepts = mean log[AFDM-specific respiration rates]; PRE 9 T coeffi-

cients = activation energy in PRE), and for the coefficients comparing a given enrichment year (ENR1, ENR2) to pre-treatment conditions. Estimates of

parameters with confidence intervals that exclude zero and with p-values <.05 are considered significant and are highlighted with bold text. Note that

n.a. = not applicable, and *denotes where activation energy estimates for ENR1 were >0 at p < .001
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Table S3] or continuous basis [Table S3]). In contrast, fungal biomass

on wood was positively related to nutrients and temperature (but

only under PRE conditions for the latter). Wood fungal biomass

increased by 1.169 in ENR1 (p = .089; Table S3) and 1.229 in

ENR2 (p = .024; Table S3) relative to PRE (Figure 3b) and was posi-

tively related to temperature in PRE, but the slope was marginally

F IGURE 1 Temperature dependence of substrate-specific respiration rates for FBOM (a), leaf litter (b), and wood (c) (Conditional-R2 = .63).
Each point represents an individual respiration measurement from a given transect within a stream, season, year, and substrate. Temperature
(1/kTc � 1/kT, k = Boltzmann constant 8.617 9 10�5 eV/K) was centered at 10°C (mean temperature for the duration of the study period in
all five study streams); hence, the intercept corresponds to this standard temperature (zero) on the plot. Open circles correspond to
pretreatment conditions, and filled gray and black circles correspond to ENR1 and ENR2 of enrichment, respectively. Slopes of dashed black
lines correspond to estimated activation energy for each substrate in PRE; solid gray and black lines correspond to intercepts and estimated
activation energies ENR1 and ENR2, respectively (note that these slopes were not statistically different from PRE). Activation energies (E) in
PRE for FBOM, leaf litter, and wood are shown (E = 0.43, 0.30 and 0.41 eV, respectively); these relationships were statistically similar for all
three substrates (Table 2). Asterisks in the legend indicate years when mean respiration rates (i.e., intercepts) were significantly higher in
nutrient-enriched conditions, and the ^ indicates a marginally significant increase in mean respiration for wood in ENR1. Note that sampling
year and nutrient treatments are confounded when “year” is considered categorically
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lower and approached zero in ENR1 (p = .089; Figure 3b; Table S3).

In a continuous N and P model, fungal biomass associated with

wood tended to increase marginally with P concentrations (p = .079;

Table S3). In this same model, wood fungal biomass was unrelated

to temperature, and the relationship was unchanged across increas-

ing N or P concentrations (Table S3).

3.5 | Comparing nutrient and temperature effects
on stream microbial respiration

Temperature effects were similar for each detritus type, while N and

P effects differed, according to the model that included scaled N, P,

and temperature (Table S4). Nutrient concentration effects tended

Substrate Parameter Estimate SE df t-value p-value

95% CI

Lower Upper

(A) N and P concentration model

FBOM Intercept �2.859 0.049 306.4 �58.949 <.001 �2.955 �2.764

N 0.080 0.056 334.4 1.417 .157 �0.031 0.190

P �0.111 0.056 312.7 �1.991 .047 �0.220 �0.001

T 0.438 0.088 318.2 4.990 <.001 0.265 0.610

N 9 T 0.005 0.103 353.3 0.052 .958 �0.197 0.207

P 9 T 0.092 0.096 292.6 0.958 .339 �0.078 0.313

Leaf litter Intercept *�2.052 0.048 307.5 �42.457 <.001 �2.147 �1.957

N 0.067 0.054 323.8 1.240 .216 �0.039 0.174

P *0.043 0.055 315.5 0.771 .441 �0.066 0.151

T 0.421 0.087 300.1 4.822 <.001 0.249 0.593

N 9 T 0.052 0.097 321.5 0.540 .589 �0.138 0.243

P 9 T 0.124 0.098 300.0 1.264 .207 �0.069 0.317

Wood Intercept *�3.847 0.048 299.8 �80.213 <.001 �3.941 �3.752

N 0.019 0.051 284.8 0.370 .712 �0.082 0.120

P *0.145 0.053 284.9 2.744 .006 0.041 0.249

T 0.346 0.088 303.0 3.952 <.001 0.174 0.518

N 9 T �0.119 0.092 295.0 �1.291 .198 �0.301 0.062

P 9 T 0.092 0.096 292.6 0.958 .339 �0.097 0.282

(B) N:P ratio model

FBOM Intercept �2.914 0.062 176.6 �47.024 <.001 �3.037 �2.792

N:P ratio 0.073 0.056 174.6 1.290 .199 �0.046 0.184

T 0.514 0.118 183.9 4.353 <.001 0.280 0.746

N:P 9 T �0.023 0.114 187.4 �0.203 .840 �0.250 0.202

Leaf litter Intercept *�1.948 0.063 186.5 �30.821 <.001 �2.073 �1.823

N:P ratio 0.047 0.057 182.2 0.829 .408 �0.073 0.160

T 0.502 0.125 178.3 4.031 <.001 0.256 0.748

N:P 9 T �0.196 0.124 186.8 �1.582 .115 �0.440 0.048

Wood Intercept *�3.739 0.063 184.9 �59.185 <.001 �3.864 �3.614

N:P ratio �0.064 0.056 167.0 �1.159 .248 �0.182 0.045

T 0.352 0.124 185.3 2.833 .005 0.107 0.597

N:P 9 T �0.094 0.119 183.5 �0.795 .428 �0.328 0.139

Intercepts correspond to the mean respiration rate (ln R, originally in mg O2/g AFDM/h), expected at

10°C [Tc] for each substrate. The other parameters represent the effects of N, P, temperature (activa-

tion energy, E), and interactions between N, P, and T (N 9 T, P 9 T). Estimates of parameters with con-

fidence intervals that exclude zero and with p-values <.05 are considered significant and are highlighted

with bold text. Comparisons among substrate-specific coefficients were also performed: an asterisk indi-

cates statistically significant (p < .05) differences between substrate coefficients (i.e., leaf litter P coeffi-

cient—FBOM P coefficient = 0.15, df = 678, t = 2.1, p = .034; wood P coefficient—FBOM P

coefficient = 0.25, df = 680, t = 3.6, p = .0003). The N:P ratio model includes data from enriched con-

ditions only.

TABLE 2 Fixed-effects parameter
estimates, the standard error of each
estimate, and associated degrees of
freedom (df; for t-tests using
Satterthwaite approximation), t-values, p-
values, and 95% confidence intervals
(95% CI) from the mixed-linear models for
N and P concentration effects (A) and N:
P ratio effects (B) on microbial respiration
rates for FBOM, leaf litter, and wood
(Marginal-R2, conditional-R2 = .60 and
.63, respectively [N and P model], .59 and
.61, respectively [N:P ratio model])
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to be small (i.e., <0.1 sensu Nakagawa & Cuthill, 2007), except for P

effects on wood (Table S4; Figure 4c), when considered separately.

In general, combined N and P concentration effects were stronger

for coarse detritus, compared to FBOM (Figure 4a–c). For leaf litter

and wood, the strength of the combined effects of N and P was

comparable to the strength of temperature effects alone (Figure 4b,

c).

4 | DISCUSSION

Human-derived nutrient inputs and temperature are currently ele-

vated above historical norms in streams and are expected to con-

tinue increasing, with relatively unknown combined effects on

ecosystem functions such as C processing (Cross et al., 2015;

Kaushal et al., 2010). Our study aimed to elucidate the potential

interactive effects of these global-change drivers on heterotrophic

microbial activity associated with three detrital resource pools that

together contribute substantially to stream C budgets: leaf litter,

wood, and FBOM (Webster et al., 1999). On the whole, our findings

did not support our prediction of synergistic effects of temperature

and nutrients on microbial respiration. Instead, our findings indicate

that individual effects of nutrients and temperature can additively

increase stream C processing rates. Thus, models incorporating both

nutrient and temperature effects on the contributions of river net-

works to global C cycles may adequately predict increases in C pro-

cessing rates under the assumption that nutrient and temperature

effects will be additive. An additional challenge to further resolving

the role of river networks in the global C cycle is modeling the trans-

port and fate of different forms of C in response to elevated nutri-

ents or temperatures, including CPOM, fine particles, and dissolved

forms (Hall, Tank, Baker, Rosi-Marshall, & Hotchkiss, 2016; Webster

et al., 1999). Our findings indicate that these organic matter types

could respond similarly to temperature, but differently to nutrient

enrichment.

Our estimates of activation energies for naturally occurring detri-

tus were slightly lower than predictions based on the MTE, while still

within the range of those reported for respiration associated with

several organism groups (E = 0.41–0.74; Gillooly et al., 2001), and

comparable to the ranges reported for short-term respiration rates

(E = 0.44–0.78; Yvon-Durocher et al., 2012) and microbially driven

leaf litter breakdown (E = 0.19–0.56; Follstad Shah et al., 2017) in

rivers. The lower values we observed for microbial respiration rates

on detritus were also within the range of activation energies associ-

ated with microbial exoenzymes that degrade organic macro-

molecules, including lignin and cellulose (E = 0.22–0.62; Sinsabaugh

& Follstad Shah, 2012). Taken together, these results imply that res-

piration rates associated with detritus in streams may be slightly less

F IGURE 2 Fungal biomass-specific respiration rates as a function of temperature for leaf litter (a) and wood (b). Each point represents an
individual fungal biomass-specific respiration measurement from a given transect within a stream, season, year, and substrate. Open circles
correspond to pretreatment conditions; closed gray and black circles represent ENR1 and ENR2, respectively. Slopes of dashed black lines
correspond to estimates of activation energies for both substrates in PRE, and solid gray and black lines correspond to activation energies in
ENR1 and ENR2, respectively. A categorical year model showed no differences among intercepts or slopes for fungal biomass-specific
respiration rates for leaf litter and a marginally higher intercept in ENR1 (denoted with ^ in legend, p = .067) and significantly higher activation
energy in ENR1 compared to PRE for wood (t = 2.015, df = 60.12, p = .048). Note that sampling year and nutrient treatments are confounded
when “year” is considered categorically
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sensitive to temperature changes than those predicted by the MTE

based on the activation energy of the cellular respiratory complex,

matching more closely with the activation energies observed for

related microbial-driven processes in streams.

Overall, our models describing the relationship between tempera-

ture and respiration suggest that respiration rates associated with

naturally occurring detrital CPOM will increase by ~6% on average

(95% confidence interval: 2.9%–9.1%) per 1°C increase in stream

temperatures due to climate change or the thermal effects of land-

use change. Although there was substantial uncertainty in our mod-

els describing N and P concentration effects on respiration rates (ex-

cept for wood and P concentration), predictions from these models

may still prove to be useful under the assumption that nutrients can

increase respiration rates (as supported by our categorical year

model and previous studies; e.g., Ferreira & Chauvet, 2011b; Stelzer

et al., 2003). In this context, when temperature effects are combined

with the effects of N and P concentrations, our models predict that

FBOM, leaf litter, and wood respiration rates could increase by

1.099, 1.249, and 1.309, respectively, given a 2.1°C increase in

streamwater temperatures (median predicted increase in streamwa-

ter temperatures by the year 2100 from Kaushal et al., 2010) and a

1 SD increase in N and P concentration (164 lg/L N or 31 lg/L P)

from concentrations that were low compared to river systems world-

wide (Alexander & Smith, 2006; Woodward et al., 2012).

4.1 | Detritus type, nutrient enrichment, and
temperature dependence of respiration

Nutrient enrichment and temperature generally increased respiration

rates associated with coarse detritus; however, the effect of nutri-

ents varied with detritus type, while the effect of temperature was

relatively consistent. Several studies have demonstrated the impor-

tance of considering intrinsic substrate characteristics, such as C

quality and nutrient content, in the response of respiration rates to

nutrients (Ferreira, Gulis, & Grac�a, 2006; Ferreira et al., 2014; Stelzer

et al., 2003) and temperature (Fierer, Craine, McLauchlan, & Schimel,

2005; Jankowski, Schindler, & Lisi, 2014). Our findings underscore

the idea that respiration rates on nutrient-poor substrates respond

to a greater extent to nutrient enrichment, as evidenced by stron-

gest nutrient-induced stimulation of respiration rates for wood sub-

strates compared to more nutrient-rich substrates (Ferreira et al.,

2006; Gulis et al., 2004; Stelzer et al., 2003). In contrast, we found

that FBOM, leaf litter, and wood responded comparably to tempera-

ture, despite marked differences in terms of the initial nutrient con-

tent and C quality among these three detritus types (Gulis et al.,

2004; Stelzer et al., 2003; Tant et al., 2013).

There was no statistical evidence for an interaction between

activation energy and nutrient enrichment according to our models,

but there were trends to indicate potentially lower activation

F IGURE 3 Fungal biomass as a function of standardized temperature for leaf litter (a) and wood (b). Each point represents an individual
fungal biomass measurements from a given transect within a stream, season, year, and substrate. Open circles denote pretreatment values, and
closed gray and black circles denote ENR1 and ENR2, respectively. Dashed lines in (a) and (b) indicate the slopes for fungal biomass as a
function of temperature in PRE, and solid gray and black lines indicate the slopes for ENR1 and ENR2, respectively. A categorical year model
showed no difference among intercepts or slopes for leaf litter fungal biomass (all p > .05), whereas there were marginally (ENR1; t = 1.732,
df = 59.93, p = .088) and significantly (ENR2; t = 2.31, df = 58.73, p = .024) higher intercepts for wood, along with a marginally lower slope in
ENR1 (t = �1.723, df = 62.71, p = .089) for wood fungal biomass. Note that sampling year and nutrient treatments are confounded when
“year” is considered categorically
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energies with long-term enrichment. This trend is implied by less

steep slopes describing temperature dependence of respiration rates

in our second year of enrichment for leaf litter and wood (Figure 1b,

c; we note that slopes increased slightly in ENR1). Consistent with

this, slopes were statistically greater than zero in PRE and ENR1, but

were not different from zero in ENR2 (Table 1). We also found

lower activation energy for fungal biomass-specific respiration on

wood in ENR2 (Figure 2b). Long-term enrichment might result in

lower activation energy if nutrients stimulate fungi most when water

temperatures are cool.

F IGURE 4 Model coefficient values from linear mixed-effects models comparing parameters that indicate N, P, additive (N + P)
concentration effects, and seasonal temperature (T) effects on ln-transformed microbial respiration rates (Table S4). Coefficients were
estimated in the model based on predictor variables that were centered and scaled using the mean and standard deviation, respectively
(Gelman & Hill, 2007), and can be directly compared in terms of the strength of the effect on respiration rates. Standardized coefficients
values are presented from a model that included all three detrital substrates (FBOM [a], leaf litter [b], and wood [c]). Note that when N and P
are considered separately, coefficients were generally <0.1 except for P effects on wood respiration
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The lack of evidence for synergistic effects of temperature and

nutrients and comparable responses across detritus types contrasts

with other studies that report synergistic effects on microbial activity

in laboratory incubations (Fernandes et al., 2014; Ferreira & Chau-

vet, 2011b). Synergistic effects have been attributed to increased

nutrient-use efficiencies at higher temperatures, as evidenced by

lower nutrient thresholds (e.g., half-saturation constants of the

Michaelis–Menten model, Km) and higher maximum values (i.e., Vmax)

for microbial growth and activity when temperatures are elevated

(Fernandes et al., 2014). Our nutrient concentrations were low com-

pared to these microcosm studies (Fernandes et al., 2014; Ferreira &

Chauvet, 2011b) and more eutrophic streams globally (e.g., Wood-

ward et al., 2012), suggesting that the nutrient concentrations we

used may not have been sufficiently high to elicit a synergistic

effect. Indeed, in many cases presented here (e.g., FBOM, leaf litter

respiration), we were unable to detect statistically significant

increases in respiration rates as a function of N or P concentrations.

On the other hand, reported half-saturation constants for fungal bio-

mass and activity are comparable to, or lower than, the experimental

nutrient concentrations we used in this study (e.g., ca. 20–300 lg/L

NO3-N [Ferreira et al., 2006; Fernandes et al., 2014; ], ~13 lg/L

SRP [Rosemond, Pringle, Ramirez, Paul, & Meyer, 2002]), suggesting

that many of our nutrient treatments probably stimulated fungal

activity sufficiently to evaluate interacting effects of temperature

and nutrients.

Other factors may have contributed to the lack of strong nutri-

ent effects or nutrient 9 temperature interactions, including those

related to the inherent limitations of our experimental design that

are common to most large-scale experiments (reviewed by Barley &

Meeuwig, 2017). For example, our study relies on pretreatment data

from each of the five streams (see also Kominoski et al., 2017; Man-

ning et al., 2015; Rosemond et al., 2015); thus, sampling year and

the nutrient treatments were confounded (particularly in the first

step of our statistical analysis; see Section 2.5). The year-to-year dif-

ferences that were unaccounted for remain a possible explanation

for undetectable nutrient, N:P ratio, or nutrient 9 temperature inter-

actions in many cases (e.g., for FBOM, leaf litter, N:P ratio effects,

and fungal biomass overall). As a result, our findings, particularly

those that directly compare pretreatment and enriched conditions,

should be interpreted within the context of this caveat. Nonetheless,

as noted above, most studies of nutrient and temperature interac-

tions have occurred in microcosms and employed factorial experi-

mental designs to test discrete levels of nutrients and temperature

(Fernandes et al., 2014; Ferreira & Chauvet, 2011a). Our multiyear

study attempts to extend the questions addressed by these micro-

cosm studies to entire stream reaches, by additionally treating N, P,

and temperature as continuous variables, allowing for predictions

related to their separate and combined effects (Cottingham, Lennon,

& Brown, 2005).

Our sampling of conditioned detritus at different stages of fungal

colonization (i.e., associated biomass) and our focus on fungal

decomposers conceivably played a role in the lack of synergistic

effects of nutrients and temperature. For instance, fungal metabolic

demands may decrease, and the contribution of bacterial decom-

posers may increase at later stages of decay (Hieber & Gessner,

2002). Further, the established pattern of higher fungal metabolic

activity at early stages of colonization (Gessner et al., 2007) coin-

cides with bulk leaf litter input and the coldest season (autumn–win-

ter) in temperate streams (Gessner et al., 2007). Consistent with this,

we found highest respiration rates per g fungal biomass during

cooler autumn temperatures on leaf litter, but not on wood that

enters streams sporadically (Webster et al., 1999). Thus, our mea-

surements of leaf litter fungal activity at higher temperatures poten-

tially overlapped with declining fungal metabolic rates and biomass

accrual, or greater investment in reproduction vs. cellular respiration.

The separate effects of nutrients and interactive effects of nutrients

and temperature might have been stronger during the periods of

greater metabolic demands that were possibly missed by measuring

naturally occurring detritus (Ferreira & Chauvet, 2011b). Future stud-

ies examining nutrients and temperature in whole streams could also

measure respiration rates on detritus incubated for known periods of

time to capture the peak metabolic demand when stronger effects

of nutrients and temperature could occur (Ferreira & Chauvet,

2011b).

4.2 | Comparing the strength of N, P, and
temperature effects

The combined effects of increasing N and P concentrations on

microbial respiration rates (AFDM-specific) in a model that included

scaled temperature were strongest for the most nutrient-poor sub-

strates (leaf litter, wood) compared to FBOM, consistent with our

prediction (Table S4). There was little evidence for N or P effects on

FBOM, whereas leaf litter responded more to N vs. P, and wood

responded the most to P concentrations, consistent with wood being

the most P-deficient relative to leaf litter and FBOM (Manning et al.,

2016; Stelzer et al., 2003; Tant et al., 2013). The N:P ratio model

supported these different N vs. P effects on the three detrital

resources, as FBOM and leaf litter respiration rates tended to weakly

increase (although not significantly), while wood respiration rates

decreased slightly (also not significantly), as a function of N:P ratios

observed under enriched conditions (Table 2). Differences in micro-

bial communities associated with FBOM vs. CPOM could also

explain their differential responses to nutrients. Fungi dominate

microbial communities on leaf litter (95 to >99% of total microbial

biomass), while bacterial biomass is much higher than fungal biomass

on FBOM (Findlay et al., 2002; Gessner et al., 2007). At the same

time, stimulation of fungal biomass and activity by nutrients on

wood and leaves is well documented, while bacterial biomass and

activity are largely unaffected by nutrients even on leaf litter (Gulis,

Suberkropp, & Rosemond, 2008; Gulis et al., 2004; Suberkropp et al.,

2010). In contrast to nutrient effects, temperature effects were com-

parable among the three detritus types, implying that microbial respi-

ration on these different substrates responds similarly to increasing

temperatures. These comparisons among N, P, and temperature

effects demonstrate that the magnitude of responses to nutrient
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enrichment (N + P) and increased temperatures can be comparable

for respiration rates associated with coarse detritus.

4.3 | Seasonal vs. manipulated temperatures

Seasonal temperatures in our study varied more than the scope of

projected changes to stream temperatures (i.e., 0.5–8°C in the

next century; Kaushal et al., 2010), whereas our nutrient treat-

ments were low-to-moderate compared to those presently

observed in the continental United States (Alexander & Smith,

2006) and Europe (Woodward et al., 2012). Our seasonal tempera-

ture range (~19°C) was comparable to studies conducted in

geothermal streams (Friberg et al., 2009; Perkins et al., 2012), but

larger than those used in microcosm and whole-system manipula-

tions (+3–10°C; Fernandes et al., 2012; Ferreira & Chauvet,

2011b; Ferreira & Canhoto, 2015; but see Welter et al., 2015).

These differences suggest that some caution is required when

comparing our findings with data from other studies, especially

since we also introduced a nutrient gradient. Further, our findings

must be interpreted under the assumption that seasonal dynamics

of microbial community structure (which were not measured; also

see Section 4 about sampling years and nutrient treatments above)

were unchanged, and that microbial decomposers were adapted to

seasonal temperatures, but not higher nutrient concentrations (e.g.,

warm-water “summer” species in July, cold-water “winter” species

in January; B€arlocher, 2000; Canhoto et al., 2016; Nikolcheva &

B€arlocher, 2005). Several experimental studies have documented

temperature-driven shifts in aquatic fungal communities (including

a greater relative abundance of warm-water fungal species; Dang,

Christian, Schindler, Chauvet, & Gessner, 2009; Ferreira & Chau-

vet, 2011a; reviewed by Canhoto et al., 2016). Such shifts may

drive synergistic responses to temperature and nutrient manipula-

tions due to differences in species-specific temperature optima

and nutrient requirements. However, the possibility that microbial

communities underwent seasonal structural changes but remained

functionally similar may be an explanation for the additive effects

of nutrients and temperature observed in this study. The coinci-

dence of the seasonal bulk leaf litter inputs (as discussed earlier)

and the highest fungal activity on an areal basis in the coldest

season (autumn–winter) in temperate streams may also have

important implications for stream ecosystems under climate-change

scenarios, especially if warming trends are higher in the winter

(Dang et al., 2009; Duarte, C�assio, Ferreira, Canhoto, & Pascoal,

2016; Gulis et al., 2008, IPCC, 2014). Nonetheless, our findings

suggest that for naturally occurring, seasonally adapted microbial

communities decomposing different detritus types, metabolic activ-

ity is stimulated by nutrients. This response was largely indepen-

dent of stream temperatures (Table 1), pointing to the potential

for the effects of elevated nutrient concentrations to be as strong

as the effects of temperature.

Understanding the combined effects of two dominant anthro-

pogenic global-change drivers, nutrient enrichment and rising tem-

peratures, on detrital processing in aquatic ecosystems is critical,

given the significant role of inland water networks in the global C

cycle (Cole et al., 2007). Our study shows that across seasonal tem-

perature gradients, nutrient enrichment consistently increased respi-

ration rates of coarse detritus (leaf litter, wood), which was likely

driven by stimulation of fungal activity via relaxation of nutrient limi-

tation. Respiration rates responded similarly to low-to-moderate

nutrient enrichment (relative to the global range of nutrient concen-

trations) and temperature increases predicted by climate-change sce-

narios. The temperature dependence of respiration on these

substrates was unchanged by nutrient enrichment and was compara-

ble to predictions based on the MTE (Gillooly et al., 2001). Thus, our

findings imply that for coarse and fine detritus, respiration rates in

stream ecosystems will increase additively in response to these two

drivers, and with comparable sensitivity to nutrient enrichment and

increased temperature.
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